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Abstract. Marine Protected Areas (MPAs) are an essential tool for marine biodiversity
conservation. Yet, their effectiveness in protecting marine ecosystems from global stressors is
debated. Biological invasions are a major driver of global change, causing biodiversity loss and
altering ecosystem functioning. Here, we explored the relationships between MPAs and alien/
native range-expanding fishes in the Mediterranean Sea, the world’s most invaded sea. We surveyed fish and benthic communities in nine MPAs and adjacent unprotected areas across six
countries. In the South and Eastern Mediterranean MPAs, the biomass of alien and native
range-expanding fishes often exceeded 50% of the total fish biomass. Conversely, in the North
and Western Mediterranean, alien fishes were absent. A negative relationship was found
between native and alien species richness. Average and minimum sea surface temperature
(SST) over six consecutive years were positively correlated with the total biomass of alien species; no alien fishes were recorded below 20.5°C average SST and 13.8°C minimum SST. We
also found a negative relationship between alien fishes’ biomass and the distance from the Suez
Canal, which is the main pathway for the introduction of alien fish in the Mediterranean Sea.
The biomass of alien and native range-expanding fishes was found to be higher in the South
and Eastern Mediterranean MPAs than in adjacent unprotected areas. The association of barrens (rocky reefs deprived of vegetation) and invasive herbivores was observed at all eastern
sites, regardless of protection status. Currently, the level of fishing pressure exerted on alien
and native range-expanding fishes seems to be the most influential factor determining the
lower biomass of invasive fishes at unprotected sites compared to MPAs. Our findings suggest
that complementary management actions, such as species-targeted removals, should be taken
in MPAs to effectively control invasive fish populations.
Key words: alien fish; biological invasions; herbivores; marine protected area; Mediterranean; range
expanding; sea warming.

INTRODUCTION
Marine ecosystems are threatened by multiple local
(e.g., fishing) and global (e.g., climate change) stressors
that interact (Brown et al. 2014). Marine protected areas
(MPAs), and especially no-take marine reserves, where no
extractive uses are allowed, have been broadly used to protect marine biodiversity from local stressors and restore
ecosystems (Lubchenco et al. 2003, Babcock et al. 2010).
To assess the effectiveness of this spatial tool, it is important to define which stressors MPAs can truly address.
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Evidence clearly demonstrates that MPAs can protect marine species and habitats from local ocean-based stressors,
such as fishing and dredging (Lubchenco and Grorud-Colvert 2015, Sala and Giakoumi 2017). Conversely, MPAs
cannot protect marine ecosystems from local land-based
stressors, such as agricultural runoff (Halpern et al. 2010).
Regarding global stressors, the role of MPAs is debated.
The role of MPAs in controlling biological invasions, a
major driver of global change and biodiversity loss (Bax
et al. 2003, Molnar et al. 2008), is currently unclear (Burfeind et al. 2013, Giakoumi and Pey 2017). Biological
invasions are closely related to climate change (Stachowicz et al. 2002, Occhipinti-Ambrogi 2007); some of the
most profound effects of climate change on communities
are driven by shifts in species distributions and subsequent modifications in species interactions (Poloczanska
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et al. 2013, Verges et al. 2014a, 2016). Invasive species
have been defined as “species acquiring a competitive
advantage following the disappearance of natural obstacles to their proliferation, which allows them to spread
rapidly within recipient ecosystems in which they become
dominant” (Valery et al. 2008). The known ecological
impacts of marine invasive species include the loss of
native genotypes, degradation of habitats, changes in
trophic interactions, and displacement of native species
(Albins 2012, Katsanevakis et al. 2014a, Verges et al.
2014a). These impacts have been assessed in unprotected
marine areas mainly where multiple stressors act simultaneously.
Marine Protected Areas that are or include no-take
marine reserves, provide a unique opportunity to explore
the impact of biological invasions on ecosystems and
understand the types of their interactions with fishing by
comparing evidence from MPAs and adjacent fished
areas. Moreover, studying the impacts of invasive species
within MPAs allows us to understand the impacts of
biological invasions on healthier or restored communities where species interactions and trophic equilibria are
in (or close to) their “natural state” (Francour et al.
2010, Sala and Giakoumi 2017).
The abundance and/or biomass of some alien/invasive
algae and invertebrate species have been found to be significantly lower in MPAs than in unprotected areas
(Malherbe and Samways 2014, Ardura et al. 2015). This
evidence may suggest that MPAs provide protection
against certain biological invasions; however, it should
be considered with caution because the available data
are very limited (Burfeind et al. 2013, Giakoumi and
Pey 2017). Major hypotheses in invasion biology and
mechanisms related to the effects of MPAs on ecosystems could explain the lower or higher performance of
invasive species in MPAs (Francour et al. 2010, Burfeind
et al. 2013, Ardura et al. 2016). The “biotic resistance
hypothesis” states that ecosystems with high biodiversity
are more resistant against invaders than those with low
biodiversity (Elton 1958, Levine and D’Antonio 1999,
Jeschke 2014). Thus, the high native species richness in
MPAs could prevent the penetration and settlement of
alien species (which could potentially become invasive).
Moreover, the restoration of top predator populations
and the consequent restoration of top-down regulation
processes in MPAs could allow the control of some invasive populations within their borders (Mumby et al.
2011, Albins and Hixon 2013). Conversely, based on the
“biotic acceptance hypothesis,” which states a positive
relationship between alien and native species (Stohlgren
et al. 2006), MPAs could host more alien and/or invasive
species. In addition, harvested invasive species could
benefit from harvest restrictions in MPAs and increase
their populations (therein Byers 2005, Klinger et al.
2006). Assessing the effects of MPAs on invasive species
is crucial for the effective management of existing MPAs
as well as for planning future MPAs (Giakoumi et al.
2016). If MPAs have no effect or favor the settlement

and expansion of invasive species, then complementary
management measures targeting the impacts of invasive
species specifically (see Thresher and Kuris 2004) should
be implemented in the MPAs.
Currently, most available quantitative information
regarding the effects of MPAs on invasive species refers
to molluscs and algae (Giakoumi and Pey 2017). Here,
we explored the relationships between MPAs and invasive fishes in the Mediterranean Sea, the most invaded
sea in the world (Edelist et al. 2013), by conducting a
broad scale study based on a control-impact design. Fish
species tend to spread particularly fast under climate
change (Poloczanska et al. 2013) and are likely to play
an important role in the biotic interactions following
seawater warming (Verges et al. 2014a). Over 90 fishes
of Indo-Pacific origin have entered the Mediterranean
Sea through the Suez Canal (Zenetos et al. 2012), and
this number is expected to grow after the recent enlargement of the canal (Galil et al. 2014). In our assessment,
we also considered native thermophilic species (with
tropical or subtropical affinity and origin, which entered
in the Mediterranean during previous interglacial phases
of the Quaternary) whose range expansion may cause
ecological impacts similar to those of alien invaders
(e.g., Ling 2008, Valery et al. 2009, Carey et al. 2012).
This study aims to (1) characterize the assemblage of
alien/native range-expanding fishes over a broad spatial
scale in the Mediterranean Sea and assess potential drivers of expansion; (2) explore the relationships between
herbivorous alien/native range-expanding fishes and
Mediterranean native algal communities in MPAs and
unprotected areas; and (3) examine whether protection
potentially affects the populations of these fishes.
MATERIALS AND METHODS
Site selection
We conducted surveys in June–September 2016 at nine
sampling sites across six Mediterranean countries
(Spain, France, Italy, Croatia, Greece, and Turkey;
Fig. 1). Sampling was conducted in a narrow time window to minimize temporal effects. Sites were selected
along biogeographic gradients (north-south, west-east)
and each site included protected and unprotected stations. All protected stations were situated in fully protected areas within MPAs where no fishing is allowed,
except for Zakynthos MPA where strictly regulated fishing is allowed six months per year (November–March).
The features of each MPA, including age and size, are
presented in Appendix S1: Table S1. Ideally, we would
have included in our study only old and well-enforced
MPAs because the period of enforcement has been
found to be a key factor in MPA performance (e.g.,
Byers and Noonburg 2007, Guidetti et al. 2008). Yet, it
is difficult to meet these criteria across the Mediterranean Sea especially in its eastern part (Sala et al. 2012,
Guidetti et al. 2014, Giakoumi et al. 2017). Therefore,
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FIG. 1. Sampling sites and mean sea surface temperature (°C) over six consecutive years (2011–2016). From left to right, names
of the sites are FRM, Formentera (Spain); COT, C^
ote Bleue (France); TAV, Tavolara (Italy); LAM, Lampedusa; BRI, Brijuni
(Croatia); TOR, Torre Guaceto (Italy); ZAK, Zakynthos (Greece); GOK, G€
okova (Turkey); KAS, Kasß (Turkey).

we included Kasß MPA (located in the Levantine Sea) to
have a better representation of the biogeographic gradient across the Mediterranean Sea despite the fact that
surveillance in this MPA is sporadic and enforcement
mechanisms are not well-established. The other eight
selected MPAs had high enforcement (sensu Guidetti
et al. 2008). All unprotected stations were open-access
areas where fisheries (professional and recreational) were
regulated by national and European laws.
Ecological variables
We sampled rocky habitats at 6–10 m depth, at two to
four replicate stations within each MPA in respect to
their size, and at another two to four replicate stations in
control (unprotected) areas (see Appendix S1: Table S2).
At each site, we conducted SCUBA surveys of the abundance and size of fishes along visual transects (Harmelin-Vivien et al. 1985). The same observer conducted six
replicate 25 m long and 5 m wide transects at each station. The diver swam at constant speed, identifying,
counting, and estimating the size of all individuals
within 2.5 m on either side of the transect line. Length
estimates of fish from surveys were converted to wet
mass by using the length–mass relationship W = a 9 Lb,
where W is mass in grams and L is total length in cm.
Parameters a and b were obtained from Fishbase (Froese
and Pauly 2016) and Sala et al. (2012).
Alien species were classified according to Zenetos et al.
(2010), while thermophilic/range-expanding native species according to Azzurro (2008). We also assigned fish
species to five functional groups based on published data
on diet and trophic level and recent references (Guidetti
et al. 2014, Froese and Pauly 2016): planktivores,
detrivores, herbivores, low/medium-level predators, and

high-level predators. Cryptobenthic species (belonging to
Blenniidae, Gobiidae, and Tripterygiidae) were excluded
from the analyses as their probability of detection is
strongly affected by the percentage coverage and type of
algae on the rocky substrate (Thiriet et al. 2016), which
is highly variable across the Mediterranean Sea (Sala
et al. 2012).
We also estimated the density and biomass of key herbivore invertebrates. Sea urchin abundance was estimated
by counting and measuring the native sea urchins Paracentrotus lividus, Arbacia lixula, and Sphaerechinus granularis found inside 30 randomly placed 50 9 50 cm
quadrats (replicates) at each site. We measured their test
diameter in situ with a plastic caliper using 1-cm size
classes (Sala and Zabala 1996). To estimate their biomass,
we used the size–mass relationships provided by Sala
et al. (2012) and Giakoumi et al. (2012). The same protocol was applied for biomass estimation of the alien mollusc Cerithium scabridum, which was encountered solely
in Kasß. This species was particularly abundant in Kasß
and might have an important grazing effect in the area
(Draman 2016). Size–mass relationships were estimated
based on the parameters provided by Mohammad (2008).
Algal cover was estimated for the following groups: turf,
encrusting algae, erect algae, and canopy (Sala et al.
2012), by analyzing 24 images (0.250-m2 sampling area)
for each sampling station (total n = 1,248). We also
included the categories sediment and barren (i.e., substrates composed of bare rock and encrusting algae).
Images were extracted randomly from underwater video
footage taken by a GoPro HERO 4 camera (GoPro Inc.,
San Mateo, CA, USA) held orthogonally downward at a
standard distance from the bottom (approximately 1 m)
maintained by use of a stick (Guidetti 2006). Images were
then analyzed by superimposing a 25-square grid, each
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representing 4% of the total area. As in Guidetti (2006),
the cover of algae, barren, and sediment was quantified by
ranking each square from 0 to 4 (0 for absence, 1 for a
cover of about 1/4 of a square, 2 for about 1/2 of a square,
3 for about 3/4 of a square, and 4 for the whole square).
Whenever <1/4 of a square was filled by a category, an
arbitrary value of 0.5 was assigned. Scores were then
added up for all the 25 smaller squares, and final values
were expressed as a percentage.
Environmental variables
For each station, we estimated the physical habitat
structural complexity, attributing scores from 1 to 5. The
score of 1 was attributed to bottoms with very low structural complexity, whereas the score of 5 was attributed
to bottoms with very high structural complexity providing refuges and microhabitats for organisms (see
Appendix S1: Table S3). The assessment was based on
the analysis of video footages of the seascape taken
along each transect at each replicate station and was
conducted by two independent observers. The average
values of the two assessment scores were assigned to
each replicate transect within each station.
Sea surface temperature (SST) was obtained from satellite data (Buongiorno Nardelli et al. 2013, MyOcean project) for the period 2011–2016. This database provides
daily gap-free maps (L4) at 0.0625° 9 0.0625° horizontal
resolution over the Mediterranean Sea. At each station,
we calculated (1) the mean SST over the 6-yr period by
averaging the monthly mean for each year and (2) the
minimum SST as the mean temperature of the coldest
month over the 6-yr period.
Data analyses
We used an unbalanced three-way permutational multivariate analysis of variance (PERMANOVA; Anderson
2001) to detect the effects of protection on the entire fish
assemblage structure (i.e., taxonomic composition and
relative contribution of fish taxa in terms of density or
biomass). Protection was considered a fixed factor (two
levels: protected vs. unprotected), site was a random factor (nine levels) orthogonal to protection, and station was
a random factor (four to eight levels) nested in site and
protection. We repeated the same analyses to detect the
effects of protection on the structure of alien and native
range-expanding species using the same sampling design.
Structural complexity (ordinal variable) and average SST
(continuous variable) were used as covariates in the analyses because these two factors are known to affect fish
assemblages in the study region (Sala et al. 2012). Pairwise tests were run whenever appropriate. Similarity percentages analyses (SIMPER) were used to examine which
species contributed to observed differences in assemblage
composition in MPAs and unprotected areas. We also
conducted PERMANOVA on the total biomass and density of alien species for each site where alien species were
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recorded acknowledging that different mechanisms can
be involved in the expansion of alien and range-expanding species. For these analyses protection was considered
a fixed factor (two levels: protected vs. unprotected) and
station was a random factor (four levels) nested in
protection.
Since sea warming is considered a major driver in the
expansion of native range-expanding and alien fishes
globally (Verges et al. 2014a) and in the Mediterranean
Sea in particular (e.g., Golani 1998, Ben Rais Lasram
et al. 2008, Raitsos et al. 2010), we used linear regression
to assess potential relationships between alien fishes and
SST (average and minimum SST vs. alien fish biomass
per station were plotted). The testing of relationships
between alien fishes and SST values revealed that the
plots were characterized by clear thresholds identifying
SST values below which alien fishes were totally absent.
Therefore, we used linear regression analysis for the subset of values above these thresholds.
We also used linear regression to assess potential relationships between alien fishes (in terms of biomass) and
distance from the Suez Canal because alien fishes are
mostly introduced in the Mediterranean Sea through the
canal and then expand westwards (Katsanevakis et al.
2014b). As fish disperse through juvenile/adult movement along particular bathymetric ranges and larval dispersal along currents irrespectively of depth, predicting
the path of each fish species population expansion is
complex. The development of complex models to predict
the geographic expansion of each alien fish was beyond
the scope of our study. We therefore calculated the
orthodromic distance of each sampling station from the
Suez Canal following Samaha et al. (2016) and plotted
it against alien fish biomass. Because of collinearity
between SST and distance from Suez Canal, the latter
variable was not used as a covariate in the PERMANOVAs described above.
To examine the relationship between native and alien
species richness (notably, test the biotic resistance hypothesis) we used analysis of covariance (ANCOVA) on alien
species richness, considering site as a random factor and
native species richness as a covariate. The model was fitted only for the sites where alien species had been
recorded. Site was fitted first to account for the random
effect associated to this spatial scale and then estimate
relationships between residuals and native species richness. ANCOVA with the same sampling design was also
used to examine the relationships between native highlevel predators (as defined in Guidetti et al. 2014: Epinephelus marginatus, E. costae, Mycteroperca rubra, Dentex
dentex, and Dicentrarchus labrax) and alien fish biomass.
To detect potential grazing impacts of alien and
range-expanding native herbivores on benthic communities, we explored the relationships between benthic cover
and herbivores (including fishes, sea urchins, and the
alien mollusc C. scabridum) at site scale using nonmetric
multidimensional scaling (nMDS) ordinations. The
nMDS was conducted on the basis of a Bray-Curtis
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dissimilarity matrix calculated from square root transformed data of benthic cover. We identified statistically
different groups of sites (at 5% level) in terms of habitat
cover, by superimposing distances calculated from cluster analysis according to the similarity profile permutation test (SIMPROF) procedure. The biomass of each
herbivore species was plotted as a vector, and the percent
cover of barren per site was overlaid as bubble value
(with size proportional to the cover of barren). The relationship between barrens and native fishes belonging to
the genus Symphodus, which are associated with algal
cover (Cheminee et al. 2013, Thiriet et al. 2016), was
explored using linear regression.
Multivariate analyses were performed using PRIMER
7 (Clarke et al. 2014) and PERMANOVA+ for PRIMER 7 (Anderson et al. 2008).
RESULTS
Native range-expanding species were found mainly at
the southern and eastern sites where alien species were
found exclusively (Fig. 2 and Appendix S1: Fig. S1). We
recorded eight alien species: the herbivores Siganus luridus and S. rivulatus; the low/medium-level predators
Stephanolepis diaspros, Pteragogus trispilus, Sargocentron rubrum, Torquigener flavimaculosus, and Pempheris
rhomboidea; and the high-level predator Fistularia commersonii. All these are Lessepsian migrants, that is, fishes
of Indo-Pacific origin that have been introduced into the
Mediterranean Sea through the Suez Canal. We also
recorded three native range-expanding species: the herbivore Sparisoma cretense, the low-level predator Thalassoma pavo, and the high-level predator Caranx chrysos.
The biomass of native range-expanding species (the herbivore Sparisoma cretense mainly) was the largest in the
Lampedusa MPA with an average value of 2961  670 g/
125 m2 (mean  SE) and a 56% contribution to total
fish biomass, and in the Zakynthos MPA where the
respective values were 687  128 g/125 m2 and 45% of
total fish biomass (Fig. 2). The biomass of alien species
in the Zakynthos, Kasß, and G€
okova MPAs was 292 
41, 501  87, 441  96 g/125 m2 (Fig. 2). Overall, in
these three MPAs, the biomass of alien species corresponded to 19%, 42%, and 50% of total fish biomass,
respectively. At the same sites, the largest proportion of
biomass corresponded to herbivore biomass composed
almost exclusively of range-expanding and alien species
(Fig. 2). In particular, in the G€
okova MPA, almost the
entire herbivore fish biomass (98%) corresponded to the
biomass of the alien species S. rivulatus and S. luridus
(the remaining 2% corresponding to the range-expanding herbivore S. cretense).
When we tested whether the fish assemblage structure
differed between protected and unprotected sites, we
found a significant interaction between the factors protection and site (pseudo F = 2.137, P = 0.0001 for biomass; pseudo F = 1.5718, P = 0.0082 for density;
Table 1), indicating that the effect of protection on

Article e01809; page 5

assemblage structure was site specific. The pairwise comparisons demonstrated that, in terms of biomass, the fish
assemblage structure differed between protected and
unprotected areas in Brijuni (pseudo t = 2.5986,
P = 0.0018),
C^
ote
Bleue
(pseudo
t = 1.7743,
P = 0.0272), Tavolara (pseudo t = 1.7546, P = 0.0251),
Lampedusa (pseudo t = 2.0784, P = 0.015), and Zakynthos (pseudo t = 1.6324, P = 0.0424). All these MPAs
displayed a significant reserve effect with fish biomass
being greater in protected areas. In terms of density, the
fish assemblage structure between protected and unprotected sites differed only in Brijuni (pseudo t = 1.8066,
P = 0.0438). When we performed the same analyses considering only the four sites where invasive species were
detected, we obtained similar results, which we present
in Appendix S1: Table S4.
The effect of protection on the structure of native
range-expanding and alien species (i.e., taxonomic composition and relative contribution of fish taxa in terms
of biomass), was also site specific (significant protection 9 site; pseudo F = 1.8084, P = 0.0226). Pairwise
comparisons indicated that the effect of protection on
assemblages of native range-expanding and alien species
differed significantly between MPAs and unprotected
areas in Lampedusa (pseudo t = 5.7691, P = 0.0012)
and Zakynthos (pseudo t = 2.1936, P = 0.0161).
According to the SIMPER analyses, the range-expanding species S. cretense contributed most to the dissimilarity of fish assemblages in the Lampedusa MPA and
the adjacent unprotected areas (67.7% contribution, dissimilarity ratio = 1.15). In the Zakynthos MPA, the dissimilarity of fish assemblages was attributed to
S. cretense
(57.2%
contribution,
dissimilarity
ratio = 1.57) and the alien S. luridus (38% contribution,
dissimilarity ratio = 1.33) as the biomass of both species
was larger in the MPA. When we examined the effect of
protection on the overall alien species biomass in the
sites where alien species were recorded, we found that (in
agreement with our previous results) the alien species
biomass was significantly different between the protected
and unprotected sites only in Zakynthos (pseudo
F = 6.5302, P = 0.043).
We found that the overall fish assemblage structure
(number of species and composition), both in terms of
biomass and density, was significantly correlated with
the structural complexity and the average SST at each
site (Table 1). Average and minimum SST was positively
correlated with the total biomass of alien species
(Fig. 3). Both relationships showed clear SST thresholds
below which no alien fishes were recorded (i.e., null biomass): 20.5°C for average SST and 13.8°C for minimum
SST. Both relationships above these thresholds (i.e., for
values of alien biomass > 0 g/m2) were significantly
described by positive linear regressions (n = 22,
P = 0.0008 for average SST, P = 0.001 for minimum
SST).
Distance from the Suez Canal was negatively correlated with the total biomass of alien fishes (Fig. 4;

Article e01809; page 6

SYLVAINE GIAKOUMI ET AL.

Ecological Applications
Vol. 29, No. 1

FIG. 2. Fish biomass (mean + SE) across the sampling sites in fully protected areas (FPA) and unprotected areas (OUT). Distribution of (a) native, native-range-expanding, and alien fish biomass; (b) fish biomass categorized in five trophic groups; and (c)
native-range-expanding and alien fish biomass by trophic group (“n/a” indicates sites where such species were not recorded). Refer
to Fig. 1 for site codes.

n = 22, P = 0.0002). This significant relationship implies
that one or more biotic or abiotic factors that affect
alien fish biomass are correlated with distance from the

Suez Canal. We found that one such factor is the average
SST, which presented a high correlation with the distance from Suez (see Appendix S1: Fig. S2).
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TABLE 1. PERMANOVA (multivariate analysis) on square-root-transformed fishes abundances (N) and on biomass.
N
Source
Co
Te
Pr
Si
Pr 9 Si
St(Pr 9 Si)
Residual
Total

df

MS

1
1
1
8
8
33
256
308

27,674
1.443 9 105
4917.1
15,495
4146.3
1184.4
735.62

Biomass
Pseudo F
2.33*
6.99***
0.95 ns
5.95***
1.56**
2.13***
1514.1

MS

Pseudo F

40,054
1.6769 9 105
13,347
21,119
6718.1
3150.5

2.48**
5.95***
1.51 ns
6.80***
2.14***
2.08***

Notes: Co, structural complexity; Te, average SST; Pr, Protection; Si, Site; St, Station.
* P < 0.05; ** P < 0.01; *** P < 0.001; ns, not significant.

No alien species was recorded at sites displaying native
species richness ≥6.5 species/125 m2. For all sampling
sites with native fish richness lower than 6.5 and where
alien species have been recorded, ANCOVA highlighted a
significant effect of site (pseudo F = 54.231, P = 0.0001).
Moreover, the analysis revealed a significant negative linear relationship between alien and native species richness
(pseudo F = 5.7116, P = 0.029). The interaction between
sites and alien species richness was also statistically significant (pseudo F = 3.6314, P = 0.035).
We did not detect significant relationships between
native high-level predator and alien fish biomass (pseudo
F = 1.105, P = 0.9), whereas we observed a significant
variability among sites (pseudo F = 11.241, P = 0.0001).
While the biomass of both alien species and species categorized as high-level predators was large at some eastern
sites, the majority of the high-level predator individuals
recorded belonged to size classes below 30 cm (see
Appendix S1: Fig. S3).
We also observed a gradient of sea urchin density and
biomass, as well as erect algal cover along a longitudinal
gradient, with declining values from west to east. Multivariate habitat coverage highlighted three significantly different groups (Fig. 5): a group composed of the
Lampedusa, Formentera, and C^
ote Bleue stations; a second group of the Tavolara, Torre Guaceto, Zakynthos,
and Brijuni stations; and a third group of all the G€
okova
and Kasß stations and a single station in Zakynthos. The
first two groups were composed of stations with very different environmental conditions (in terms of temperature
and nutrients) among them but with similar composition
of macroalgal functional groups. The third group was
characterized by the highest coverage of barrens and was
positively correlated with the biomass of all the three alien
herbivores (i.e., the fish S. luridus and S. rivulatus, and the
mollusc C. scabridum). In addition, we detected a significant negative relationship between barrens and Symphodus spp. richness (b = 0.035, t(50) = 3.55, P < 0.0001).
DISCUSSION
Currently, invasive fish populations do better in
Mediterranean MPAs than in unprotected sites. More

specifically, we found that the biomass of the alien rabittfish (S. luridus) and the native range-expanding parrotfish (S. cretense) is significantly higher in two wellenforced MPAs (Zakynthos and Lampedusa) than in
unprotected areas. Our results are consistent with the
findings of a recent study conducted in Israel, in the
Achziv-Rosh Hanikra MPA, which has been effectively
managed for the past two decades, and where the density
of S. luridus was 10 times higher than in adjacent fished
areas (Rilov et al. 2017). Despite their relatively low
commercial value, S. luridus and S. cretense are vulnerable to fishing as both target species and bycatch. The
fishing pressure exerted in unprotected areas most likely
explains the significantly lower biomass of S. luridus
and S. cretense compared to that found in the Zakynthos and Lampedusa MPAs, where large individuals find
refuge.
Moreover, we observed a strong association between
barrens and invasive herbivores at our easternmost sites
(in Greece and Turkey), regardless of protection status.
Conversely, the native herbivorous fish Sarpa salpa and
sea urchins (Paracentrotus lividus and Arbacia lixula),
which are the major grazers in the northwestern
Mediterranean (Guidetti and Sala 2007, Gianni et al.
2017), were scarce in these sites. The deforestation of
algal forests in the Eastern Mediterranean has been
attributed to the complementary roles of the two invasive rabbitfishes Siganus spp.; one acting as a grazer
(S. rivulatus) and the other as a browser (S. luridus;
Verges et al. 2014b). Here, for the first time to our
knowledge, we highlight the potential role of the herbivorous alien mollusc C. scabridum as an additional actor
contributing to the maintenance of barrens. While the
species body size is small (1–2 cm), its presence in very
high densities (up to 4,736 individuals/m2 in our sampling area) can make its role influential. The strong relationships among several alien herbivore species (fishes
and invertebrates) and the additive or synergistic interactions among these invasive herbivores potentially lead
to accelerate impacts on native ecosystems. The performance of experimental treatments in which the density
and size of the different herbivores are manipulated
could clarify this hypothesis.
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FIG. 3. Relationships between (a) average sea surface temperature (SST) over a period of six years (2011–2016) and total alien
fishes biomass and (b) minimum SST over a period of six years (2011–2016) and total alien fishes biomass. Dotted lines are 95%
confidence intervals calculated using the simultaneous Working-Hotelling procedure.

The presence of extensive barrens in the Mediterranean Sea has been associated with lower native species
richness (Verges et al. 2014b, Bianchelli et al. 2016). The
loss of canopy-forming fucoid Cystoseira spp. in the
Mediterranean strongly affects the recruitment of littoral
fishes and particularly Symphodus spp. (Cheminee et al.

2013). In this study, the presence of Symphodus spp. at
the easternmost sites was scarce although these sites
belong to the distribution range of several Symphodus
species (Albouy et al. 2015). The scarcity of Symphodus
species in the easternmost parts of the Mediterranean
Sea is also supported by the results presented by Rilov
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FIG. 4. Relationship between distance from the Suez Canal (calculated as orthodromic distance) and total alien fishes biomass.
Dotted lines are 95% confidence intervals calculated using the simultaneous Working-Hotelling procedure.

FIG. 5. Nonmetric multidimensional scaling (nMDS) ordination illustrating relationships among types of benthic cover and
herbivores (including native and alien fishes Sarpa salpa, Sparisoma cretense, Siganus luridus, and S. rivulatus; native sea urchins
Paracentrotus lividus, Arbacia lixula, and Sphaerechinus granularis; and the alien mollusc Cerithium scabridum). The nMDS was
conducted on the basis of a Bray-Curtis dissimilarity matrix calculated from square-root-transformed data of benthic cover. The
biomass of each herbivore species was plotted as a vector, and the percent cover of barren per site was overlaid as bubble value (with
size proportional to the cover of barren).
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et al. (2017). Conversely, at the westernmost site (Formentera Island, Spain), where rocky substrate is covered
by forests of lush canopy algae, we recorded numerous
Symphodus species in all sampling stations (Data S1). At
the same time, evidence supports that invasive herbivore
fishes (Siganus spp.) are responsible for the creation of
barrens in the Eastern Mediterranean, which are associated with poorer biodiversity (Sala et al. 2011, Verges
et al. 2014b). The low occurrence of Symphodus spp.
could be directly linked to the overgrazing activity of the
invasive herbivores and the removal of critical habitat
for the native species. Therefore, particular attention
should be given to the potential feedback loops involved
in the dynamic relationship between native and alien
species richness. Native species in highly diverse communities might be able to control the arrival and settling of
alien species. However, the impacts of alien species that
manage to enter the community may reduce native species richness (e.g., by creating barrens), decreasing the
ability of the native community to control new invaders.
New invaders could then reinforce the impacts of existing invasive species. Long-term time series obtained by
continuous monitoring of Mediterranean MPAs may
allow the detection of different patterns of ecosystem
responses to biological invasions in protected and
unprotected sites (see Bates et al. 2014).
When exploring the current relationship between overall native and alien species richness we found a significant negative relationship. We also identified a threshold
of 6.5 native species/125 m2 above which no alien species
was recorded. The negative relationship detected can be
attributed to a number of factors correlated with richness such as the age of the MPAs, the seawater temperature across our sampling sites and their proximity to the
Suez Canal, which is the major pathway of fish invasions
in the Mediterranean Sea (Por 1978, Katsanevakis et al.
2014b). We found a negative correlation between alien
fish biomass and the distance of our sampling stations
from the Suez Canal. A hypothesis that could explain
this correlation is that the amount of time needed for a
Lessepsian migrant to spread is longer with increasing
distance from the Suez Canal. Byers et al. (2015) showed
that time since invasion was the most important factor
determining the range size of invertebrate invaders
because with more time invaders could spread over
longer distances. While this may be the case for alien
invertebrates that expand on average ~400 km per decade (Byers et al. 2015), it is rather unlikely to apply for
many alien fishes in the Mediterranean Sea, which
expand much faster with an average rate of ~500 km per
year (Azzurro et al. 2016).
Another, and more likely, hypothesis that could explain
the negative relationship between alien fish biomass and
distance from Suez is that either one or more abiotic or
biotic variables that affect alien fish biomass change along
the distance from the Suez Canal. Indeed, we found a
strong negative relationship between SST and distance
from the Suez Canal. Furthermore, in agreement with
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previous correlational studies (e.g., Giakoumi 2014,
Verges et al. 2014b), we found significant positive relationships between alien fish biomass and SST (both average
and minimum) values. The establishment of invasive fishes
of Indo-Pacific origins (often thermophilic species)
appears to be limited by the low temperatures in the western and northern parts of the Mediterranean (Ben Rais
Lasram et al. 2008, Raitsos et al. 2010, Azzurro et al.
2013). Yet, there is increasing evidence that water temperatures in the western Mediterranean are rising (Lejeusne
et al. 2010), and studies have documented the range
expansion of native Mediterranean species that were once
found only in southeastern areas and have now started to
establish populations in the Northwestern Mediterranean,
while cold water species populations decline (e.g., Francour et al. 1994, Milazzo et al. 2013). This warming can
also further facilitate the establishment of thermophilic
species originating from the Indo-Pacific or the tropical
Atlantic in the Northwestern Mediterranean (Rilov and
Galil 2009).
According to Por (1978), a minimum SST threshold
of 16°C would limit the expansion of Lessepsian
migrants in the Mediterranean Sea. However, Bardamaskos et al. (2008) observed that the rabbitfish
S. luridus was abundant in the Ionian Sea with a seawater temperature of 15°C during winter and early spring.
In the Cyclades Archipelago, S. luridus was present in
areas with minimum winter SST below 14.5°C (Giakoumi 2014). Here, even lower thresholds were detected;
below the threshold of 20.5°C for average SST and
13.8°C for minimum SST, no alien fishes were recorded.
This lower minimum SST threshold implies that more
Mediterranean areas, than initially expected, present
climatic suitability for invasive alien fishes. This has
implications for the management authorities of
Mediterranean MPAs, which should devote resources
to monitoring and early detection of alien fishes even if
they are located in areas that are currently considered
less vulnerable to fish invasions (see Otero et al. 2013
for practical guidelines).
In well-enforced MPAs, the biomass of high-level
predators increases over time until the ecosystem reaches
its carrying capacity and the populations stabilize
(Friedlander et al. 2007, Garcıa-Rubies et al. 2013).
Theoretically, this increase in high-level predator biomass and the restoration of top-down regulation processes in MPAs could control the spreading of some
alien fish species within their boundaries (Francour
et al. 2010). In the Caribbean Sea, the density and biomass of the invasive lionfishes (Pterois volitans, P. miles)
have been found to be lower in MPAs than in unprotected areas (Mumby et al. 2011, Hackerott et al. 2013).
Mumby et al. (2011) attributed the lower values to the
restoration of predatory relationships; more and larger
groupers inside the MPA were able to control lionfish
populations. However, Hackerott et al. (2013) argued
that the management measures adopted within MPAs,
that is, targeted removal of lionfishes using spearfishing,
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were responsible for the lower values recorded and not
the predation activity of groupers.
In the MPAs where alien species occurred, we did not
detect any relationship between native high-level predators and alien species. At some eastern stations, the biomass of native high-level predators was high due to the
presence of many small individuals belonging to species
classified as high-level predators. In the well-enforced
G€
okova MPA, the frequency of occurrence of small
goldblotch groupers (Epinephelus costae) was higher by
far than in any other MPA. Yet, these small-sized individuals are most likely unable to fulfil their functional
role as high-level predators and consequently exercise
predatory control on alien populations. Threshold sizes
above which high-level predators can fulfill their functional role cannot be defined due to lack of scientific evidence. However, the general rule is that the older and
bigger individuals are the more likely they are to control
prey populations. It is important to mention, that the
G€
okova MPA is relatively young; it was established in
2010 whereas active enforcement (constant surveillance
efforts) began only in 2013. High-level predators are
often large-sized slow-growing species, whose complete
population recovery may require many years or decades
(Garcıa-Rubies et al. 2013, and references therein).
Zakynthos MPA is old and well-enforced, but it is fully
protected only six months per year. Thus, this partial
protection could be insufficient to allow the restoration
of predatory relationships. Moreover, the core zone of
the MPA is restricted to shallow depths (<15 m) excluding suitable deeper habitats for large-bodied high-level
predators. In general, the biomass of high-level predators in eastern and southern Mediterranean MPAs is
low in comparison to the biomass recorded in wellenforced northern and western Mediterranean MPAs
(Guidetti et al. 2014, Giakoumi et al. 2017). Thus, the
assessment of the effects of native high-level predators
on invasive populations is restricted. To test the potential role of native predators in controlling alien/rangeexpanding populations either by predation or competition, we suggest to associate field studies in old and wellenforced MPAs with the performance of mesocosm
experiments manipulating the density and size of native
high-level predators and alien species of various trophic
levels.
CONCLUSIONS
Several mechanisms affect the relationships between
invasive species and MPAs. To date, the reduced level of
fishing pressure exerted on alien/native range-expanding
fishes in MPAs seems to be the most influential factor
determining the higher performance of invasive fishes in
Mediterranean MPAs. Yet, our conclusions should be
considered with caution as most invaded MPAs in the
east and south Mediterranean are young and/or not
well-enforced. The full potential of Mediterranean
MPAs in controlling populations of invasive species will
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be revealed in the future when invasive species expand
further to the northern and western Mediterranean
where the oldest and most performing MPAs are
located, and when well-enforced fully protected MPAs in
the eastern and southern Mediterranean become older.
The data provided herein represent a valuable baseline
that could be used to conduct before-after-controlimpact studies allowing further exploration of the role
that MPAs can play against biological invasions.
Considering the urgent need to inform policy and
decision makers about the control of invasive fishes in
MPAs (and beyond their borders), and based on our
findings as well as evidence from the Caribbean Sea
(Hackerott et al. 2013), we suggest that additional management actions should be taken within MPAs. Even if
healthy native communities in old and well-enforced
MPAs can effectively control invasive fish populations,
the majority of existing MPAs are either young and/or
not well enforced (Gill et al. 2017). Therefore, complementary measures, such as species-targeted fishing,
should be adopted within these MPAs to effectively mitigate invasive fishes’ impacts.
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